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a b s t r a c t

Sustainable urban wastewater management requires systems that effectively remove pollutants while 
enabling resource recovery and diminishing environmental impacts. In high-density cities, conventional 
centralized treatment plants often entail long conveyance distances, high pumping energy, and sub-
stantial methane emissions from widespread communal septic tanks, compounded by stringent effluent 
standards. Scaled decentralized systems (SDSs)—distributed facilities integrated into existing sewer 
networks—offer potential advantages through reduced transport and localized recovery, yet their per-
formance across scales, technologies, and recovery strategies remains poorly quantified. Here we show 

that SDSs featuring 20,000 m 3 d − 1 moving-bed biofilm reactor plants with combined water reuse and 
additional heat-pump energy recovery achieve the lowest life-cycle environmental impacts and costs. 
We applied whole-system life-cycle assessment and cost analysis of 29 scenarios treating 
100,000 m 3 d − 1 of wastewater in a city in China. These configurations reduce global warming potential 
by up to 52.5% relative to an optimized centralized benchmark, owing to shorter sewers that preserve 
influent carbon for biological denitrification, elimination of external carbon dosing, and efficient dual 
recovery; upstream septic tanks, however, contribute 24–47% of total warming potential, highlighting a 
key trade-off. These findings demonstrate that carefully scaled decentralization, paired with robust 
biofilm technology and integrated recovery, provides a superior pathway for sustainable wastewater 
infrastructure in dense urban settings.
© 2026 The Authors. Published by Elsevier B.V. on behalf of Chinese Society for Environmental Sciences, 
Harbin Institute of Technology, Chinese Research Academy of Environmental Sciences. This is an open 

access article under the CC BY-NC-ND license (http://creativecommons.org/licenses/by-nc-nd/4.0/).

1. Introduction

For over a century, centralized wastewater treatment systems, 
fundamental to urban sanitation, have directed wastewater via 
extensive pipe networks to large-scale wastewater treatment 
plants (WWTPs) [1]. These facilities typically serve populations 
from thousands to millions of population equivalents and require a 
large capital investment [2]. Historically, factors such as extensive 
land requirements, technical challenges (e.g., odor control), and 
public opposition (“not-in-my-backyard” concerns) favored siting 
these plants distantly downstream [3,4].

China exemplifies this trend, rapidly adopting a centralized 
model to develop one of the world's largest wastewater sectors [5].

Official data reveal that urban wastewater treatment volume has 
risen from 12 billion m 3 in 2001 to 55.7 billion m 3 in 2020, with a 
97.5% treatment rate [6]. This rapid expansion based on large 
WWTPs represents a significant public health achievement. 
However, the legacy of these systems—whose locations often 
reflect historical urban boundaries, which are now surpassed by 
city growth—presents inherent sustainability challenges. High 
energy demands for treatment and pumping, coupled with logis-
tical barriers to resource recovery (water, energy, nutrients), 
challenge the long-term viability and circular-economy potential 
[7]. Consequently, stricter environmental regulations and the 
pursuit of the United Nations' (UN) sustainable development goals 
(SDGs) highlight the need for alternative wastewater strategies in 
megacities [8].

Recognition of these challenges has driven the exploration of 
alternative paradigms, particularly decentralized and distributed 
systems, ranging from on-site to cluster scale [9]. Among these, 
source separation systems achieve high recovery by separately
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collecting and treating waste streams [10]. However, such systems 
often require dual piping and major retrofits, which are particu-
larly difficult in regions with established centralized infrastructure 
[11], such as China. Scaled decentralized systems (SDSs) represent 
a feasible intermediate approach in sustainable urban wastewater 
management [12]. Unlike purely onsite units, SDSs are distributed 
facilities integrated into existing sewer networks to serve com-
munity- or district-scale catchments, thus reducing conveyance 
distances while maintaining robust treatment performance [13]. 
Guided by the principle “as small as possible, as large as neces-
sary,” they balance the economies of scale of large plants with the 
localized resource recovery potential of smaller units. For high-
density urban areas that generate approximately 100,000 m 3 d − 1 

of wastewater (typically serving several hundreds of thousands of 
residents), recent studies recommend scaled decentralization us-
ing multiple 10,000–20,000 m 3 d − 1 facilities [12].

Applying this SDS concept in China requires confronting a 
unique infrastructural legacy: the communal septic tank. Unlike 
standalone septic tanks in detached dwellings in the United 
States—which combine settling with infiltration or leach 
fields—Chinese communal septic tanks are embedded in sewer 
networks for preliminary treatment, typically serve 200–300 res-
idents per unit (equivalent to 1–2 residential buildings), and pro-
vide a hydraulic retention time of 12–24 h [14]. Extensively built 
over previous decades under regulatory mandates, they persist as 
an enduring element of urban infrastructure. Their persistence and 
environmental relevance—particularly methane (CH 4 ) emissions 
[15]—imply that communal septic tanks should be considered 
when evaluating SDSs in China.

SDSs can integrate with these localized collection in-
frastructures, with plants enabling technologies such as mem-
brane bioreactors (MBR), constructed wetlands (CW), and moving 
bed biofilm reactors (MBBR) [16]. These technologies are specif-
ically selected to meet the widely implemented discharge stan-
dard, Class A, in China, which requires the effluent to meet the 
reclaimed water level. They also support localized resource re-
covery, such as water reuse (WR) and heat pump (HP) energy 
extraction, due to proximity to the demand nodes [17]. Life cycle 
assessment (LCA) provides a comprehensive framework to eval-
uate these system transitions [18]. However, most studies compare 
small, decentralized units with large, centralized systems, often 
beyond the Chinese urban context [19]. Previous assessments have 
considered configurations, such as septic tanks alone [20], septic 
tanks combined with CW [19], standalone MBR systems [21], or 
urine-separation hybrids [18]. The results of these assessments 
reveal complex trade-offs: decentralized systems can reduce 
sewer infrastructure [19,20] and enhance local recovery, while 
centralized systems may perform better in ecosystem quality due 
to better-managed air emissions and discharges [20]. These 
divergent findings often stem from heterogeneous methodological 
choices—for example, whether to include sewer network con-
struction, how to credit resource recovery, or which functional 
unit to apply—thereby making cross-study comparisons difficult 
and underscoring the need for context-specific evaluations [22]. 
Importantly, comprehensive LCA of intermediate-scale SDSs 
within the unique context of China's high-density, septic tank-
integrated urban infrastructure remains limited, particularly 
with regard to optimal scale and technology selection and the 
comprehensive optimization of resource recovery strategies 
(including HP-based energy recovery).

This study employed LCA to evaluate the economic and envi-
ronmental performance of a conventional centralized baseline and 
several SDS configurations in a high-density urban context. The 
SDS configurations examined range from 5000 to 20,000 m 3 d − 1 

per facility, deploying 5–20 distributed plants using MBR, CW, or

MBBR technologies. The analysis adopted a full process-chain 
perspective, explicitly accounting for upstream septic tank im-
pacts, wastewater conveyance, plant operation (based on detailed 
process inventories and mechanistic modeling), and sludge man-
agement. Resource recovery options—including WR, HP, and 
nutrient recycling—were systematically assessed. By quantifying 
system-wide lifecycle impacts, this study identifies trade-offs 
among SDS scales, technologies, and recovery pathways, and as-
sesses their integration with existing infrastructure.

2. Method

2.1. Scenario definitions

Three SDS configurations, differing in terms of their WWTP 
scale (individual facility capacity) and degree of distribution 
(number of facilities), were evaluated and compared against a 
centralized baseline (Fig. 1). The baseline represents the current 
regional practice: a single 100,000 m 3 d − 1 WWTP, designated as 
the conventional centralized system (CS) configuration. The SDS 
configurations distribute this capacity across smaller facilities in-
tegrated into the urban network: (1) SDS20—each plant with a 
capacity of 20,000 m 3 d − 1 , with five facilities; (2) SDS10—each 
plant with a capacity of 10,000 m 3 d − 1 , with 10 facilities; (3) SDS5: 
each plant with a capacity of 5000 m 3 d − 1 —with 20 facilities. All 
configurations serve the same 38.4 km 2 study area in Northern 
China, accommodating 315,000 people (average per capita water 
use: 271 l d − 1 ). The total generated wastewater load from this 
population remains constant across all configurations, as does the 
total design treatment capacity (100,000 m 3 d − 1 ). To ensure 
comparable influent quality, contributions from industrial waste-
water, stormwater, and sewer leakage were excluded [23].

Fig. 1. Conceptual configurations for centralized system (CS) and scaled decen-
tralized systems (SDSs). The baseline represents the current regional practice: a 
single wastewater treatment plant with a capacity of 100,000 m 3 d − 1 . The SDS con-
figurations includes SDS5 (each plant with a capacity of 5000 m 3 d − 1 , 20 facilities), 
SDS10 (each plant with a capacity of 10,000 m 3 d − 1 , 10 facilities), and SDS20 (each 
plant with a capacity of 20,000 m 3 d − 1 , 5 facilities).
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This case study focused on the 5000–20,000 m 3 d − 1 WWTP 
scale range to capture the economics of treatment technology in 
high-density cities with Class A discharge requirements, i.e., 
stringent effluent quality limits for key pollutants (GB 18918-
2002). WWTPs below 5000 m 3 d − 1 often face reduced energy ef-
ficiency [24], whereas WWTPs above 10,000 m 3 d − 1 achieve 
economies of scale [13]. However, SDS configurations at larger 
WWTP scales increasingly resemble centralized systems due to 
their reduced distribution, thereby diminishing some decentral-
ization benefits (e.g., reduced sewer network requirements, lower 
conveyance energy use, and enhanced local water reuse/resource 
recovery) [25].

2.2. Conventional centralized wastewater treatment system

2.2.1. Sewer network design and influent characterization
In the CS configuration, wastewater first passes through 

communal septic tanks and is then conveyed to the centralized 
WWTP through the sewer network (Fig. 2a). These tanks, inte-
grated into the municipal sewer network as preliminary treatment 
units, typically provide a hydraulic retention time of 0.8 days 
(Supplementary Text S1).

The sewer network connecting the communal septic tank to the 
WWTP was designed using Hongye Equipment Design Water 
Supply and Drainage software, which implements methodologies 
from drainage engineering and national design codes. The network 
is a gravity-based separate sewer system that excludes rainwater 
and sewer leakage, thus ensuring the integrity of wastewater flow 

and pollutant load data [26]. Two intermediate pumping stations 
help handle the area's terrain (Supplementary Text S1). The hy-
draulic characteristics of each pipeline, including pipeline segment 
length, internal diameter, slope, and filling ratio, are summarized 
(Supplementary Table S1).

Pollutant transformations within the network were explicitly 
modeled to characterize the influent quality reaching the WWTP 
after being transported through the extensive conveyance system. 
A first-order kinetic model was applied segment-by-segment to 
estimate changes in pollutant concentration during conveyance. 
While more complex mechanistic models for sewer degradation 
are available, the present study only requires an overall trans-
formation rate constant (k) to represent the combined net effects 
of in-sewer processes [27]. Accordingly, the first-order model 
provides a reasonable approximation of net pollutant trans-
formation for LCA purposes. The robustness of this assumption 
and its influence on overall conclusions were subsequently eval-
uated through a sensitivity analysis.

Site-specific k values for chemical oxygen demand (COD), total
phosphorus (TP), and ammonium nitrogen (NH4

+ -N) were esti-
mated from a 15-day continuous field sampling campaign (26 
April–10 May 2024). Under dry-weather conditions, samples were 
collected simultaneously at septic tank outlets (network inlets) 
and the WWTP inlet (network outlet). At each location, hourly 
samples were drawn using submersible pumps and composited 
into daily 24-h averages in equal volumes. These paired 
inlet–outlet concentrations were then used to back-calculate k for 
the entire sewer network.

Based on measured concentrations and the length of each 
pipeline segment (L) of the network, k values were derived using 
equation (1):

dC
dL

= − kC (1)

where C is the pollutant concentration at a given point along the 
pipeline (mg L − 1 ), and k is the transformation rate constant 
(km − 1 ).

Fig. 2. Treatment configurations and evaluated scenarios. a, Process flow for the centralized system (CS). b, Overview of all evaluated scenarios, including CS and scaled 
decentralized system (SDS) configurations, with the associated treatment technologies and resource-recovery options. c, Process flow diagrams for the treatment technologies 
implemented in the SDS configurations: membrane bioreactor (MBR), constructed wetland (CW), and moving bed biofilm reactors (MBBR). Definitions: CHP, combined heat and 
power. HP, heat pump. WR, water reuse. BAU, business-as-usual. An, anaerobic tank. AMBR, an anoxic MBR.
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The sewer network is a dendritic (tree-like) structure with 
multiple trunks and main segments. The back-calculated k values 
(Supplementary Table S2) were applied segment-by-segment: at 
each pipe segment, concentrations were transformed according to 
equation (1); at confluence points, concentrations were recalcu-
lated using mass conservation principles before continuing to the 
next segment (detailed calculation procedure in Supplementary 
Text S1). The first-order kinetic model, a core component of this 
approach, is mechanistically justified and validated 
(Supplementary Text S1 and Figs. S1–S3). The final concentrations 
at the WWTP inlet, determined through this sequential segment-
by-segment modeling, defined the influent characteristics. These k 
values were subsequently applied to all evaluated scenarios (CSs 
and SDSs), with scenario-specific influent concentrations calcu-
lated based on each scenario's conveyance distance.

2.2.2. Centralized WWTP simulation
The operational performance of the centralized WWTP was 

characterized through steady-state simulations using SUMO soft-
ware (Dynamita). The modeled core treatment process is an 
anaerobic/oxic (A/O) activated sludge system with tertiary MBR 
separation (Supplementary Fig. S4 and Table S3).

The SUMO platform, which incorporates mechanistic models of 
microbial processes such as organic matter oxidation and 
nitrification–denitrification, was utilized to generate robust 
greenhouse gas (GHG) emission inventories, including nitrous 
oxide (N 2 O), CH 4 , and fossil carbon dioxide (CO 2 ), as these are not 
available from routine plant monitoring. The model underwent 
steady-state calibration to ensure its reliability; it achieved robust 
quantitative alignment with measured effluent and operational 
energy data from the existing regional WWTP [28], as evidenced 
by low relative errors for key parameters (typically within ±10%). 
The detailed design and calibration process, including key pa-
rameters and performance comparisons (Supplementary Text S1, 
and Tables S4 and S5). The SUMO simulation in this study pri-
marily generated representative LCA inventory data, consistent 
with LCA's steady-state requirements for assessing average 
performance.

2.2.3. Resource recovery scenarios for CS configuration
For the CS configuration, two evaluated scenarios were defined; 

each was predicated on a distinct resource recovery option 
(Fig. 2b):

(i) CS-BAU: A baseline scenario in which treated effluent is 
discharged into receiving rivers due to the long distance for 
pumping back to the dwellings, and dewatered sludge un-
dergoes aerobic composting for land application.

(ii) CS-CHP + WR: An enhanced recovery scenario featuring 
sludge anaerobic digestion with combined heat and power 
(CHP) for energy recovery, and reuse of treated wastewater 
for industrial cooling, landscape irrigation, and other ap-
plications. Digestate is subsequently composted.

2.3. Scaled decentralized systems

2.3.1. Sewer network configuration and influent characterization 
For each SDS configuration (SDS5, SDS10, and SDS20), the 

baseline sewer network was adjusted and reorganized through 
pipeline restructuring and throttling, thus ensuring efficient ser-
vice for the respective number of facilities while maintaining 
consistent design principles. Existing communal septic tanks were 
preserved within the network to provide preliminary treatment, 
which effectively removes settleable solids and reduces the 
organic load, thereby reducing pressure on downstream pipelines

and treatment facilities. Detailed sewer network design parame-
ters and corresponding transport energy estimates are provided 
(Supplementary Text S2 and Tables S6–S9).

Pollutant variation within the network was calculated using the 
transformation rate constants determined in Section 2.2.1. The 
reorganized network structures and shortened conveyance dis-
tances in SDSs reduce in-sewer biochemical reactions, sedimen-
tation, and gas losses [29], thereby resulting in influent to SDS 
WWTPs with higher COD concentrations and altered nutrient 
characteristics compared with long centralized sewers. The 
influent COD/total nitrogen (TN) ratios increased from 8.2 (CS) to 
9.6 (SDS5), 9.4 (SDS10), and 9.0 (SDS20). This enabled the esti-
mation of the final influent quality for each SDS configuration. The 
resulting influent quality serves as a key input for designing the 
downstream treatment processes. Final influent pollutant con-
centrations are detailed in Supplementary Text S2 and Table S10.

2.3.2. SDSs technology selection and process design
Three wastewater treatment technologies were evaluated for 

the SDS configurations—MBR, CW, and MBBR—selected for their 
suitability across SDS5, SDS10, and SDS20 scales (Fig. 2c). Each 
technology defines the core process for specific SDS scenarios. 

MBR (AMBR + MBR). MBR technology offers high process 
stability, a compact footprint, potential for water reuse, and 
reduced sludge production compared to a conventional activated 
sludge system [30]. To enhance TN removal and meet Class A 
discharge standards, an anoxic MBR (AMBR) tank precedes the 
aerobic MBR, which is followed by sand filtration. Design and 
operational details are provided in Supplementary Tables S11 and 
S12.

CW (AMBR + CW). CWs are ideal for SDSs due to their low 

maintenance requirements, operational simplicity, minimal 
sludge production, and cost-effectiveness [31]. However, CWs 
alone may not meet COD and TN discharge standards. Integrating 
an AMBR with a CW enhances treatment efficiency, particularly for 
nitrogen removal [32]. In this study, an AMBR was integrated with 
a vertical subsurface flow CW, followed by sand filtration, to 
ensure compliance with Class A discharge standards. Design de-
tails follow technical guidance in China (Supplementary Tables S13 
and S14).

MBBR (An + MBBR). MBBR utilizes biofilms on carriers (e.g., 
high-density polyethylene (HDPE) plastic carriers) for efficient 
organic and nutrient removal, with enhanced nitrogen removal via 
extended sludge retention [33]. The high biomass concentration, 
enabled by carriers’ large surface area, suits space-limited urban 
settings [34]. This study employs an anaerobic tank (An) and aer-
obic MBBR, followed by secondary sedimentation and sand 
filtration. Design parameters are detailed in Supplementary 
Tables S15 and S16.

Each technology was modeled using SUMO for SDS5, SDS10, 
and SDS20 scales, thus ensuring a consistent framework for per-
formance comparison. Steady-state simulations, based on scale-
specific influent characteristics (Section 2.3.1), generated 
comprehensive LCA inventory data for these conceptual SDS de-
signs, thus predicting effluent quality, energy consumption, and 
direct GHG emissions. All processes achieved Class A effluent 
standards under the specified conditions (Supplementary Text S2).

2.3.3. Resource recovery scenarios for SDSs
Building on the three distinct wastewater treatment technol-

ogies (MBR, CW, and MBBR) introduced in Section 2.3.2, each was 
systematically applied and evaluated across all three SDS scales 
(SDS5, SDS10, and SDS20). Thereafter, for every resulting 
technology-scale combination, we defined various resource re-
covery scenarios.
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Sludge from small-scale SDS plants, in limited quantities, is 
transported to a central aerobic composting facility. Due to their 
urban proximity, SDSs enable efficient heat recovery via HPs for 
building heating or cooling, thereby leveraging their localized 
nature to enhance energy efficiency. In contrast, centralized plants 
in suburban areas are less suitable for heat recovery due to their 
distance from urban heat demand centers. We defined the 
following resource recovery scenarios (Fig. 2b):

(1) BAU: Sludge composting with direct discharge of treated 
wastewater;

(2) HP: Heat recovery via HPs from treated effluent, with 
composted sludge;

(3) WR: Reuse of treated wastewater for irrigation or street 
cleaning, with sludge composted.

SDS scenarios are subsequently denoted using the format 
SDS<scale>− <technology>− <recovery>. In this format, “scale” is 
5, 10, or 20 (representing SDS5, SDS10, and SDS20, respectively); 
“technology” is MBR, CW, or MBBR; and “recovery” is BAU, HP, or 
WR. For example, SDS5-MBR-HP represents an evaluated scenario 
based on the SDS5 scale, thus employing MBR technology with HP 
recovery.

Combining three technologies, three scales, and three recovery 
options yields 27 SDS scenarios. These, along with two centralized 
system scenarios (CS-BAU and CS-CHP + WR), form a matrix of 29 
configurations for comparison. Following the primary assessment 
of these 29 scenarios, a combined resource recovery strategy 
(WR + HP) was evaluated for the most promising SDS configura-
tion to investigate potential synergistic benefits. The methodology 
for energy recovery calculations is detailed in Supplementary Text 
S3 and Tables S17–S18.

2.4. Life cycle assessment method

2.4.1. Goals and scope
The system boundaries encompassed the entire process, from 

communal septic tank treatment to the sewer network, waste-
water treatment, sludge disposal, and resource recovery stages 
(Fig. 3). Decommissioning was excluded due to its minimal impact

and limited data availability [30]. The functional unit for all sce-
narios was the collection and treatment of 1 m 3 of wastewater. To 
ensure comparability, all scenarios were designed to meet the 
Class A discharge standard, and water volume losses during 
treatment were assumed negligible. System lifespans were set at 
50 years for septic tanks, sewer networks, and WWTPs [21]. 
Component replacement cycles were 15 years for pumps and 
blowers, 5 years for membranes, and 25 years for biofilm media 
[35].

2.4.2. Life cycle inventory
We considered the construction phase for all system compo-

nents (Fig. 3). A transport distance of 20 km was assumed for 
construction materials. Infrastructure material inventories were 
primarily derived from bills of quantities (BoQ) in actual engi-
neering project reports (2018–2022) provided by a leading 
municipal design institute in China, with each evaluated configu-
ration (WWTP scale/technology, sewer network scale) corre-
sponding to actual design cases or representative projects. Missing 
data—particularly for CWs, septic tanks, CHP, HP systems, and 
major equipment—were supplemented by the literature 
[17,21,36,37]. Detailed data sources and acquisition methods are 
documented in Supplementary Text S4 and Table S19.

The operational phase included energy consumption, chemical 
use, and emissions from gases, wastewater, and solid waste 
(Fig. 3). We derived septic tank operation data from published 
literature and estimated CH 4 emissions from sewer networks us-
ing an empirical formula (Supplementary Text S4) [38]. Energy 
consumption for wastewater transport was calculated based on 
the usage of pump stations. For the centralized WWTP, data on 
chemicals, electricity, and effluent quality were obtained from 

plant records, while GHG emissions (CO 2 , CH 4 , N 2 O) were simu-
lated using the SUMO software. Further, inventory data for plants 
under SDS scenarios were also simulated using SUMO. Detailed 
construction and operational inventory data are presented in 
Supplementary Tables S20–S28.

We accounted for avoided environmental impacts attributable 
to resource recovery through four displacement credits. (i) We 
assumed that land application of composted sludge substitutes 
mineral fertilizers using mineral fertilizer equivalents for nitrogen

Fig. 3. Life cycle assessment system boundaries for centralized systems (CSs) and scaled decentralized systems (SDSs). CHP, combined heat and power.
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and phosphorus (Supplementary Text S5) [39]. (ii) We credited 
biogas recovery from anaerobic digestion for offsetting electricity 
demand. (iii) We used HPs to recover thermal energy, replacing 
electricity demand for heating and air conditioning [40]. (iv) We 
assumed WR substitutes tap water, thus avoiding energy and 
chemical consumption in its production and transportation [41].

2.4.3. Life cycle assessment and interpretation
Environmental impacts were evaluated using the ReCiPe 2016 

Midpoint (H) and Endpoint (H) methods, which are widely adop-
ted in water system LCA studies due to their comprehensive 
impact assessment capabilities [42]. The midpoint analysis 
focused on six key impact categories: fossil resource scarcity (FFP), 
freshwater ecotoxicity (FETP), freshwater eutrophication (FEP), 
global warming potential (GWP), human carcinogenic toxicity 
(HTPc), and terrestrial acidification (TAP) [30,42]. The endpoint 
assessment incorporated all 18 midpoint categories required by 
ReCiPe 2016 to evaluate overall damage to human health, eco-
systems, and resource scarcity. Environmental impacts were 
calculated using open LCA software, with the Ecoinvent v3.6 Cutoff 
database serving as the primary data source. The exact process 
names for construction and operational inputs, as well as emis-
sions, are presented in Supplementary Tables S29 and S30.

2.4.4. Uncertainty analysis
To enhance computational efficiency, uncertainty was managed 

using a Monte Carlo simulation combined with Latin hypercube 
sampling. All life cycle inventory (LCI) input and output data were 
based on baseline values, with each parameter assigned a proba-
bility distribution to account for variability. Most parameters fol-
lowed normal distributions, with defined variation coefficients. 
However, a few parameters were modeled using triangular dis-
tributions [20]. Crystal Ball software performed 10,000 iterations 
to analyze impact category distributions and provide insights into 
the uncertainty of LCI contributors. Complete probability distri-
butions and variation coefficients for each parameter are detailed 
in Supplementary Table S31.

2.4.5. Sensitivity analysis
Monte Carlo sampling was used for sensitivity analysis to 

identify key drivers via variance contributions and rank-
correlation coefficients [43]. In a separate scenario analysis, 
three main aspects were evaluated: (i) influent characteristics, 
with ±20% variation in the empirically derived k-values 
(Supplementary Table S32), (ii) the role of communal septic tanks 
by comparing scenarios with and without their inclusion 
(Supplementary Table S33), and (iii) future power system struc-
tures under IEA projections for 2030 and 2050 (Supplementary 
Table S34) [44]. Critically, within this assessment of future en-
ergy scenarios, combined HP and WR (HP + WR) config-
urations—derived from foundational scenarios—were specifically 
evaluated for relevant SDS scales. This aimed to assess synergy and 
future adaptability by comparing them against environmentally 
corresponding single-recovery options (WR or HP).

2.5. Life cycle cost analysis

Life cycle cost analysis (LCCA) quantitatively assesses the long-
term economic costs of wastewater treatment systems, catego-
rizing investment, operation, maintenance, and replacement costs 
into capital expenditure (CAPEX) and operational expenditure 
(OPEX) [45]. LCCA boundaries align with those of the LCA (Section 
2.4.1).

CAPEX includes initial system investments, excluding land 
acquisition. Construction costs for WWTPs were extracted directly

from the budget sections of the corresponding engineering design 
reports (Section 2.4.2). Costs for the sewer network and other 
components were calculated by applying the unit costs listed in 
Supplementary Table S35 to their respective material quantities. 
OPEX includes energy consumption, chemicals, equipment repairs, 
maintenance, replacement, and labor, with unit costs based on 
2022–2024 market averages (Supplementary Table S35). Given the 
relative stability of construction and operational costs in China 
during these periods, no inflation adjustment was applied.

The discounted OPEX over the project lifetime is calculated 
using equation (2), and the total cost (TC) is calculated using 
equation (3):

O = 
∑T

t=1

O t
(1 + r) t 

(2)

TC = C a + 
∑ T

t=1

O t
(1 + r) t 

(3)

Where O is the discounted OPEX over the project lifetime, O t is the 
OPEX at time t, r is the discount rate (5%), and T is the time horizon 
(50 years), and C a is the CAPEX [46]. All costs are positive; bene-
fits—such as energy recovery, chemical savings, and fertilizer 
substitution—are negative [47]. This LCCA evaluates construction 
and operational costs for centralized systems and SDSs. The results 
are presented as cost per functional unit for a comprehensive 
economic and environmental comparison.

3. Results

3.1. Midpoint environmental hotspots: system performance 
comparison and design drivers

This section presents the comprehensive midpoint LCA results 
for 29 wastewater treatment scenarios, evaluating six key envi-
ronmental indicators: FFP, FETP, FEP, GWP, HTPc, and TAP. The 
analysis highlights distinct performance patterns and the decisive 
influence of system design choices within this specific urban case 
study.

Environmental impacts varied substantially across scenarios 
(Fig. 4 and Supplementary Fig. S5). CS-BAU generally revealed 
higher impacts across all indicators (e.g., 25th for FFP at 0.231 kg 
oil-eq m − 3 and 23rd for GWP at 2.189 kg CO 2 -eq m − 3 ). Upgrading 
with energy recovery and WR (CS-CHP + WR) improved perfor-
mance, thereby reducing FFP by 69% and GWP by 37% and 
achieving the lowest FETP value at 0.007 kg 1,4-dichlorobenzene 
equivalents (1,4-DCB-eq) m − 3 . Overall, the SDS20-MBBR-WR 
configuration performed the most favorably in this case study, 
with comparatively 2.7–60.5% lower values across five of six in-
dicators (except FETP) when compared to the CS-CHP + WR sce-
nario (Supplementary Table S36). These performance differences 
are influenced by key design factors, including WWTP scale, core 
technology, and resource recovery strategy.

The life cycle contribution analysis across representative sce-
narios reveals stage-specific impact patterns (Fig. 5). For FFP, FETP, 
FEP, HTPc, and TAP, operational phases—particularly WWTP 
operation—dominate the totals (32.1–93.9%; Fig. 5 and 
Supplementary Fig. S6). Construction burdens are comparatively 
minor (2.8–52.4%), mainly from sewer networks (0.8–8.0%) and 
WWTP (0.8–43.1%), while CW systems show higher construction 
shares (>10%) for most indicators except FEP. In contrast, GWP 
exhibits a distinct structure driven primarily by upstream 

communal septic tank CH 4 emissions, which contribute 
24.4–46.8% of life-cycle GWP (orange segments in Fig. 5d and
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Supplementary Fig. S6), often comparable to or exceeding WWTP 
operational contributions. Further, resource and energy-recovery 
measures (WR, CHP, and HP) consistently deliver avoided-burden 
credits (shown as negative contributions) that effectively offset 
net impacts across all indicators.

These contribution patterns correspond to distinct process-
level drivers, which are further examined through a variance-
based sensitivity analysis (Supplementary Table S37). Electricity 
consumption in WWTP operations was the dominant driver for 
FFP, HTPc, and TAP (>78.4% of the variance). GWP variance was

Fig. 4. Midpoint life-cycle impacts across centralized and scaled decentralized scenarios. Midpoint impacts—fossil resource scarcity (FFP, a), freshwater ecotoxicity (FETP, b), 
global warming potential (GWP, c), and terrestrial acidification (TAP, d)— are shown for the centralized system (CS) and the scaled decentralized system (SDS) scenarios using 
constructed wetland (CW), membrane bioreactor (MBR), and moving bed biofilm reactors (MBBR) technologies. Results are reported for three SDS scales: SDS5 (each plant with a 
capacity of 5000 m 3 d − 1 , 20 facilities), SDS10 (each plant with a capacity of 10,000 m 3 d − 1 , 10 facilities), and SDS20 (each plant with a capacity of 20,000 m 3 d − 1 , 5 facilities). For 
SDS technology–scale combinations, bars represent the midpoint impact of the baseline (business-as-usual, BAU) and the best-performing resource-recovery configuration, 
including water reuse (WR) and heat pump (HP) recovery. For the CS, results include combined heat and power with water reuse (CS-CHP + WR). FETP is expressed as 1,4-
dichlorobenzene equivalents (1,4-DCB-eq).

Fig. 5. Life cycle contribution analysis for six midpoint indicators across representative scenarios. a, Fossil resource scarcity (FFP). b, Freshwater ecotoxicity (FETP). c, 
Freshwater eutrophication (FEP). d, Global warming potential (GWP). e, Human carcinogenic toxicity (HTPc). f, Terrestrial acidification (TAP). Contributions of key life-cycle phases 
are shown for the centralized system (CS) and scaled decentralized system (SDS) scenarios, including CS under business-as-usual (BAU) and combined heat and power with water 
reuse (CHP + WR), and SDS configurations at three scales shown as BAU and the best-performing recovery option. For SDSs, scenarios are primarily based on moving bed biofilm 

reactor (MBBR) technology, with additional comparisons for SDS20-MBR-WR and SDS20-CW-WR. Complete results are provided in Supplementary Fig. S6. Definitions: SDS5 (each 
plant with a capacity of 5000 m 3 d − 1 , 20 facilities); SDS10 (each plant with a capacity of 10,000 m 3 d − 1 , 10 facilities); SDS20 (each plant with a capacity of 20,000 m 3 d − 1 , 5 
facilities). MBR, membrane bioreactor; CW, constructed wetland; WR, water reuse; HP, heat pump. WWTP, wastewater treatment plant.
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overwhelmingly determined by CH 4 emissions from communal 
septic tanks (90.7–97.2%), with WWTP electricity accounting for 
only 1.4–6.0%. FETP variance was predominantly driven by WWTP 
electricity (32.7–78.9%), followed by the ecotoxicity burden asso-
ciated with FeCl 2 used for phosphorus removal (13–53.4%). FEP 
was primarily driven by effluent TP discharge (82.8–97.7%), with 
electricity as a secondary driver. These findings emphasize the 
need to optimize energy and chemical use throughout the sys-
tem's life cycle, which in turn is influenced by broader design 
choices.

Indeed, the WWTP scale exhibits clear environmental benefits 
tied to increased scale. Higher-capacity SDS configurations 
(SDS5–SDS20) generally reduced impacts across all six midpoint 
indicators (Fig. 4 and Supplementary Fig. S5). This benefit pri-
marily stems from enhanced operational efficiency and scale 
economies in larger WWTPs, leading to lower energy consumption 
intensity and more efficient material use [48]. For example, when 
the WWTP scale increased from SDS5 to SDS20, the energy con-
sumption intensity decreased by 32.7% in MBBR, 21.3% in MBR, and 
25.4% in CW systems. This efficiency gain translated into re-
ductions ranging from 15.1% to 31.1% in energy-intensive impacts 
(FFP, FETP, HTPc, and TAP) (Supplementary Table S38). GWP re-
ductions were more modest (12.0–16.9%) because upstream 

communal septic tank CH 4 emissions remain constant per unit of 
treated wastewater. Consequently, as plant-side burdens decline 
through scale optimization, the relative contribution of these up-
stream emissions increases from 39.5% in SDS5-MBBR-BAU to 
46.8% in SDS20-MBBR-BAU (Fig. 5d). In the SDS20-MBBR-BAU 
scenario, almost half of the GWP (0.86 out of 1.76 kg CO 2 -eq m − 3 ) 
originated from these upstream sources, which is comparable to 
the 0.82 kg CO 2 -eq m − 3 from plant operations.

The selection of core technology exerted a more substantial 
impact. MBBR, particularly in SDS20-MBBR-WR, was favorable 
under the studied context, thus revealing all the lowest impacts; 
the only exception was in FETP, which was related to FeCl 2 dosing 
for phosphorus removal. This superiority is attributed to MBBR's 
biofilm, which reduces aeration requirements, thereby leading to 
significantly lower specific energy consumption intensity 
(0.35 kWh m − 3 for an SDS20 plant), approximately 45% less than 
MBR under equivalent conditions. CW configurations with AMBR 
pre-treatment had high HTPc impacts (contribution of 24.3–43.1%) 
from construction material intensity (Fig. 5 and Supplementary 
Fig. S6), thus partially offsetting their moderate operational en-
ergy advantages [49].

Further, integrating resource recovery strategy (HP or WR) 
consistently improved all six indicators by reducing net energy use 
and resource demand (Fig. 4). Avoided electricity emerged as a 
major mitigating factor in both HP (Supplementary Table S39) and 
WR (Supplementary Table S40) scenarios and accounted for 
20.2–52.8% of variance reduction in energy-related impacts (FFP, 
FETP, HTPc, and TAP). Recovery technology effectiveness proved 
scale-dependent: HP yielded greater benefits at more distributed 
configurations (SDS5 and SDS10) through efficient thermal energy 
recovery over shorter supply distances [50], although this advan-
tage diminished at the SDS20 scale as heat distribution losses 
became more pronounced. In contrast, under the conditions 
evaluated in this study, WR had a clear advantage: benefits from 

avoided freshwater abstraction and transport [51]—likely less 
affected by scale-dependent distribution losses than HP—out-
weighed the latter's reduced efficiency, thus solidifying SDS20-
MBBR-WR's top overall rank.

Upstream communal septic tanks are a persistent GHG hotspot 
that may substantially constrain the achievable reduction in GWP 
in wastewater systems, even when downstream processes are 
optimized. Although the assumed regional CH 4 emission rate

(7.88 g CH 4 per capita per day) is below the default values reported 
by the Intergovernmental Panel on Climate Change [52], these 
units still account for 24.4–46.8% of total life-cycle GWP across all 
evaluated scenarios. This large and relatively invariant contribu-
tion highlights the need for mitigation strategies that extend 
beyond WWTP boundaries, including the consideration of 
removing the communal septic tank.

3.2. Endpoint damage assessment results

Endpoint assessment quantified midpoint impacts across three 
primary areas of protection (AoPs): human health, ecosystems, 
and resource scarcity. Consistent with the midpoint findings pre-
sented in Section 3.1, SDS configurations exhibited economies of 
scale, as endpoint damage decreased proportionally with 
increasing scale (SDS5 to SDS20) across all AoPs.

In configurations without resource recovery, MBBR-based SDS 
generally incurred lower endpoint damages than the CS-BAU 
scenario across all AoPs and scales (Fig. 6a–c). MBR configuration 
presents moderate damage, and even less for larger scales. In 
contrast, CW configurations experienced endpoint damage com-
parable to or exceeding CS-BAU; construction materials were 
major contributors [37], particularly to resource scarcity at larger 
scales.

Integrating resource recovery reduced endpoint damage by 
30.1–62.6% across all evaluated configurations and AoPs. As pre-
sented in Section 3.1, SDS20 configurations performed best with 
WR, SDS5, and SDS10 with HP recovery, while the CS configuration 
favored a CHP + WR approach, thus leveraging the benefits of 
centralized sludge treatment. Accordingly, only the most advan-
tageous recovery option for each scale is presented (Fig. 6d–f). The 
SDS20-MBBR-WR scenario achieved the minimum damage po-
tentials for human health (3.1 × 10 − 6 disability-adjusted life years 
[DALYs] m − 3 ), ecosystems (1 × 10 − 8 species⋅yr m − 3 ), and resource 
scarcity (6.8 × 10 − 3 USD m − 3 ), which constituted half of this 
scenario's BAU. In comparison, the SDS20-MBR-WR scenario 
incurred higher damage, with its membrane-related energy con-
sumption being 80% higher than that of SDS20-MBBR-WR. The CW 

scenario's endpoint damages were amplified by its construction 
footprint, particularly due to resource scarcity. The CS-CHP + WR 
also failed to demonstrate an advantage, with energy contributing 
28.9–34.4% and chemicals contributing 12.4–27.0% to total 
impacts.

The assessment identified significant contributions from 

distinct lifecycle inputs and phases. Specifically, upstream 

communal septic tank CH 4 emissions contributed 9.2–12.2% to 
climate change-related damages (e.g., 1.08 × 10 − 6 DALY m − 3 for 
human health and 3.43 × 10 − 9 species⋅yr m − 3 for ecosystems). 
Construction materials accounted for up to 23.8% of resource 
scarcity damages, with sewer networks constituting over half of 
this share. Operational trade-offs were also evident: for example, 
the use of FeCl 2 for phosphorus removal provided a 1.3% FEP-
related benefit to the ecosystem. However, it also incurred an 
8.0% drawback to the same AoP via other pathways (e.g., upstream 

chemical production and energy-related emissions) and a 4.7% 
detriment to resource scarcity. In sludge management, resource 
recovery reduced resource scarcity damage (by 7.7 × 10 − 3 USD 
m − 3 ) and ecosystem damage (by 5.6 × 10 − 9 species⋅yr m − 3 ), while 
residual contaminants added 9.1 × 10 − 7 DALYs m − 3 to human 
health damage.

3.3. Economic optimality: LCC insights for SDS

The LCC analysis of the 29 evaluated scenarios revealed total 
costs ranging from 0.40 to 1.12 CNY m − 3 (Fig. 7). For the CS
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configuration, integrating resource recovery reduced the LCC by 
16.9%, from 0.59 CNY m − 3 (CS-BAU) to 0.49 CNY m − 3 (CS-
CHP + WR), thus demonstrating the economic viability of energy 
and water reuse in large-scale infrastructures.

Within SDSs, LCC generally decreased with increasing system 

scale; however, it varied widely across core technologies. CW 

configurations had the highest LCC across all scenarios, with 
construction capital expenditures accounting for 51.0–62.0% of the 
total LCC. MBR configurations ranked second-highest in LCC, pri-
marily due to operational costs for membrane replacement (every 
five years, 10.7% of LCC) and membrane fouling mitigation [53]. 
MBBR configurations at the SDS20 scale consistently had lower 
LCCs than CS-CHP + WR. Among them, the SDS20-MBBR-WR 
scenario achieved the lowest LCC among all evaluated configura-
tions (0.40 CNY m − 3 ) due to low energy consumption intensity, 
durable biofilm media [54], and effective WR offsetting freshwater 
needs. Aligned with its minimal environmental impact, this dual 
optimality in LCC and LCA positions SDS20-MBBR-WR as a highly 
promising strategy within the context of this study.

Comparing resource recovery options within SDSs, HP config-
urations consistently exhibited higher LCCs than WR scenarios at 
equivalent scales. This economic disadvantage stems from their 
higher capital costs, primarily driven by the substantial invest-
ment required to connect heat distribution pipelines to urban 
demand [55]. This finding reveals an initial economic challenge for 
HP integration, particularly when viewed against its environ-
mental benefits at smaller SDS scales (SDS5 and SDS10).

3.4. Synergistic gains via combined resource and energy recovery

Building on the promising economic and environmental per-
formance of SDS20-MBBR-WR, this section evaluates the

enhanced performance achieved by integrating HP to create a 
combined resource recovery strategy (SDS20-MBBR-WR + HP) for 
comparison (Fig. 8).

The combined SDS20-MBBR-WR + HP strategy yielded sub-
stantial environmental benefits across midpoint indicators 
(Fig. 8a–e). For the critical GWP, the strategy achieved 0.66 kg CO 2 - 
eq m − 3 , approximately 45% lower than the SDS20-MBBR-WR 
scenario (1.20 kg CO 2 -eq m − 3 ) and 52.5% lower than CS-CHP + WR 
(1.39 kg CO 2 -eq m − 3 ). It also transformed burdens into net benefits 
for FFP, HTPc, and TAP, with further improvements in FEP and FETP 
(Supplementary Table S41). These gains extended to endpoint 
assessments (Fig. 8f–h), with 74.1% lower human health damage 
and net resource benefits (− 3.0 × 10 − 3 USD m − 3 ) versus SDS20-
MBBR-WR. SDS20-MBBR-WR + HP outperformed CS-CHP + WR 
across all AoPs, while maintaining a lower LCC at 0.37 CNY 
m − 3 —which is more cost-effective than CS-CHP + WR (0.49 CNY 
m − 3 ) and SDS20-MBBR-WR (0.40 CNY m − 3 ) (Fig. 8i). This indicates 
that the significant environmental enhancements were achieved 
without compromising economic viability, thereby reflecting a 
highly advantageous performance profile for the combined strat-
egy within the context of this study.

4. Discussion

4.1. Performance drivers and design trade-offs across the treatment 
chain

4.1.1. Upstream impacts: influent quality and conveyance system 

performance
This study employed a field-calibrated first-order kinetic model 

to characterize how shorter sewer networks in SDSs alter WWTP 
influent quality by limiting in-sewer transformations (detailed in

Fig. 6. Endpoint life-cycle impacts for centralized systems (CSs) and scaled decentralized systems (SDSs) scenarios, with and without resource recovery. a–c, Baseline 
scenarios without resource recovery (business-as-usual, BAU): human health damage (disability-adjusted life years, DALYs), ecosystem damage (species⋅yr), and resource scarcity 
(USD). d–f, Scenarios with resource recovery, including CS with combined heat and power with water reuse (CS-CHP + WR) and SDS configurations with resource recovery. For 
SDSs, results are presented for three scales—SDS5 (each plant with a capacity of 5000 m 3 d − 1 , 20 facilities), SDS10 (each plant with a capacity of 10,000 m 3 d − 1 , 10 facilities), and 
SDS20 (each plant with a capacity of 20,000 m 3 d − 1 , 5 facilities)—and for three treatment technologies: moving bed biofilm reactor (MBBR), membrane bioreactor (MBR), and 
constructed wetland (CW). For each technology–scale combination, bars represent the endpoint impact of the best-performing resource-recovery option, including water reuse 
(WR) and heat pump (HP) recovery. The overall optimal scenario, with the lowest aggregate endpoint impact among those shown, is highlighted by a gray circle.
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Supplementary Texts S1 and S2). Reduced conveyance distances 
constrain COD degradation during transport, thus preserving 
higher COD concentrations at WWTP inlets and increasing COD/TN 
ratios by 17.1% from CS (8.2) to SDS5 (9.6). This elevation reduces 
or eliminates the need for external carbon supplementation: the 
CS-BAU plant requires methanol addition (38.7 g m − 3 ) to 
compensate for in-sewer carbon depletion and achieve Class A 
nitrogen removal standards, whereas all SDS configurations ach-
ieve these standards without supplemental carbon, thus 
benefiting from both more favorable influent quality and opti-
mized process configurations. However, shorter conveyance also 
reduced TP removal via sedimentation (CS: 7.3 mg L − 1 vs. SDS5: 
7.9 mg L − 1 ), thereby increasing downstream chemical demands. 
This effect was particularly pronounced in MBBR systems [56], 
which primarily rely on chemical precipitation for phosphorus 
removal: FeCl 2 dosing increased by 50% from SDS20 to SDS5. These 
shifts indicate the need to customize process design to SDS-
specific influent profiles and, thus, strike a balance between the 
benefits of elevated COD/TN ratios and the increased TP removal 
requirements for optimal environmental outcomes.

A ±20% sensitivity analysis on k values confirmed robustness 
while revealing technology-specific responses. Most midpoint 
indicators (e.g., FFP, FETP, FEP, HTPc, and TAP) and all endpoint 
indicators fluctuated minimally (<1%), thereby affirming the 
model's LCA applicability. However, GWP displayed higher sensi-
tivity, particularly in MBR systems (up to 20.2% vs. <8.6% in other 
technologies; Supplementary Tables S42 and S43), primarily 
driven by N 2 O emissions rather than energy consumption. A ±20% 
change in k values resulted in N 2 O-related GWP variations of 
approximately 21% in MBR systems, significantly higher than in 
other technologies, while energy-related GWP impacts varied by 
only 2–3% across all configurations. This reflects MBR's tighter 
process control and higher nitrification intensity, both of which 
amplify N 2 O production from fluctuations in the influent COD/TN 
ratio during denitrification [57].

Fig. 7. Life cycle cost (LCC) analysis of centralized systems (CSs) and scaled 
decentralized systems (SDSs). Total LCC includes construction and operation costs for 
the CS and SDS configurations using membrane bioreactor (MBR), constructed 
wetland (CW), and moving bed biofilm reactor (MBBR) technologies. Scenarios 
include business-as-usual (BAU) for both systems, combined heat and power with 
water reuse (CHP + WR) for the CS, and water reuse (WR) and heat pump (HP) re-
covery for the SDSs. Results are shown for three SDS scales: SDS5 (each plant with a 
capacity of 5000 m 3 d − 1 , 20 facilities), SDS10 (each plant with a capacity of 
10,000 m 3 d − 1 , 10 facilities), and SDS20 (each plant with a capacity of 20,000 m 3 d − 1 , 5 
facilities).

Fig. 8. Midpoint and endpoint life-cycle impacts and economic performance across key wastewater treatment scenarios. Centralized system with combined heat and power 
with water reuse (CS-CHP + WR) and scaled decentralized systems with a plant capacity of 20,000 m 3 d − 1 (SDS20) using a moving bed biofilm reactor (MBBR) with water reuse 
(WR) and a MBBR with heat pump and water reuse (HP + WR) are compared. a–e, Midpoint indicators: fossil resource scarcity (FFP, a), freshwater eutrophication (FEP, b), global 
warming potential (GWP, c), human carcinogenic toxicity (HTPc, d), and terrestrial acidification (TAP, e). f–i, Endpoint damage categories: human health (f), ecosystems (g), 
resource scarcity (h), and life cycle cost (LCC, i). HTPc is expressed as 1,4-dichlorobenzene equivalents (1,4-DCB-eq).
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4.1.2. Core treatment technologies: balancing constraints and 
performance

Optimal SDS design in high-density urban areas with stringent 
discharge standards necessitates balancing construction impacts 
with operational demands, thereby requiring prioritizing robust, 
compact, and performance-based technologies. Among those 
evaluated, MBBR is highly suitable due to its low energy demand, 
small spatial footprint, long carrier lifespan [54], and strong 
adaptability to influent variations, thereby ensuring stability and 
providing flexibility for phased construction and urban integra-
tion [58]. However, its notable reliance on chemical dosing for 
phosphorus removal presents a key trade-off. MBR also provides 
high effluent quality and a small carbon footprint, but demands 
careful energy management and membrane maintenance (five-
year replacement cycles) [53]. Conversely, CWs—despite 
ecological benefits and low operational energy—face significant 
restrictions due to their large footprint (e.g., reactor volumes 
173–245% larger than MBR and MBBR systems), high construction 
impacts, and substantial lifecycle costs, thereby limiting their 
applicability in urban or high-density settings [31,37]. To 
consistently achieve Class A standards, all three technologies 
benefit from integration with anoxic or anaerobic stages for 
effective nitrogen removal. Ultimately, effective selection of core 
SDS technologies requires a holistic approach that balances land 
availability, capital investment, operational burdens, and specific 
pollutant-removal needs for sustainable deployment in dense 
urban contexts.

4.1.3. Downstream strategies: integrated resource recovery 
Traditional large WWTPs, following a “treat-and-discharge” 

pattern, often constrain efficient resource recovery due to their 
distance from urban centers despite scale economies [59]. In 
contrast, SDSs, being closer to demand centers, significantly 
enhance the feasibility and efficiency of localized recovery, 
although their efficacy varies with scale.

WR is crucial for sustainable urban water manage-
ment—particularly in water-scarce regions—supporting urban 
greening, ecological replenishment, and industrial cooling, 
thereby avoiding the burdens of long-distance freshwater deliv-
ery—a benefit more pronounced in SDSs [51]. However, in China, 
reuse remains mainly non-potable due to limited public accep-
tance (e.g., only 8.4% strong acceptance in Beijing [60]), regulatory 
restrictions, and the presence of emerging contaminants. Inte-
grating heat recovery (HP) provides a complementary pathway. 
Proximity enables low-grade thermal energy extraction from 

treated effluents, with efficient transport feasible only within 
3–5 km due to heat losses [61]. Thus, smaller SDSs (e.g., SDS5 and 
SDS10) can directly leverage HPs for local heating or cooling. While 
HP's standalone economic viability is often constrained by high 
lifecycle costs of distribution pipelines [55], its integration into 
combined resource recovery strategies (WR + HP) can achieve 
significant overall cost reductions through synergies.

4.2. The communal septic tank demolition dilemma: system-wide 
environmental trade-offs

Communal septic tanks were retained in baseline scenarios as 
they remain embedded in existing Chinese urban infrastructure, 
despite new installations being prohibited under GB 50014-2021. 
Section 3.1 identified CH 4 emissions from these septic tanks as 
contributing 24.4–46.8% of total GWP and accounting for over 
89.3% of the uncertainty. While providing preliminary reductions
in COD, NH4

+ -N, and TP, the disproportionate GHG burden of

communal septic tanks has prompted discussions about removal 
[15]. However, evaluating septic tank removal requires under-
standing system-wide trade-offs beyond isolated emission 
reductions.

In this study, influent COD concentrations to the WWTP 
increased by approximately 20.5% (from 442.5 to 532.8 mg L − 1 ) in 
the CS-BAU scenario when the communal septic tank is removed 
(Supplementary Table S33), a finding comparable to investigations 
in Chongqing [62]. Increased influent COD particularly benefits 
WWTPs that initially face low COD/TN ratios and require external 
carbon addition [63]. For the CS-BAU plant, septic tank removal is 
expected to reduce methanol supplementation by approximately 
10%, thereby lowering associated operational costs and GHG 
emissions. However, the concurrent rise in TP concentrations in-
creases the demand for phosphorus removal chemicals and their 
associated emissions. This effect is particularly noticeable in SDS, 
such as the SDS5 MBBR plant, where GHG emissions from TP 
removal increased by 13.3%.

From a life-cycle GHG perspective, the elimination of direct 
septic tank CH 4 emissions yields substantial net reductions 
(24.3–68.6%) across diverse CS and SDS configurations, both 
without resource recovery and under optimal recovery conditions 
(Fig. 9a). The SDS20-MBBR-WR scenario revealed the largest 
decrease (68.6%), primarily because communal septic tank CH 4 
emissions constituted a large proportion (37.2%) of this configu-
ration's total life cycle GHG footprint, which is in contrast with its 
relatively efficient operational phase. However, this benefit is 
partially offset by burden shifting—removing communal septic 
tanks increases the COD entering sewer networks, correspond-
ingly elevating CH 4 emissions across all network scales by 
approximately 20% (Supplementary Table S44), as in-sewer 
methane production is positively correlated with COD under 
constant hydraulic conditions [64,65]. Additionally, increased 
solids loading introduces sedimentation risks that require adapted 
infrastructure management. The increase in operational GHG 
emissions at the WWTP reveals a strong technology-dependent 
pattern (Fig. 9b). Removal of communal septic tanks increases 
influent COD (by 20.5%) and TN (by 9.3%). The GHG increase is 
most pronounced in CW systems (12.1–28.8%), moderate in MBR 
configurations (10.5–16%), and minimal in MBBR and CS systems 
(2.3–6.7%). This disparity is primarily driven by technology-
specific N 2 O production under increased loading. CW systems, 
with their limited DO control via natural aeration [66], are 
particularly prone to elevated N 2 O emissions (which can comprise 
up to 52.3% of their direct GHGs). In contrast, the precise aeration 
control in MBBR and CS systems keeps N 2 O production low and 
stable, thereby effectively mitigating the impact of loading varia-
tions [33,67].

Overall, while communal septic tank removal consistently im-
proves human health and ecosystem quality across all scenarios 
(by mitigating high-impact CH 4 emissions), its impact on resource 
scarcity depends on downstream treatment efficiency. Only 
centralized systems and MBBR-based SDSs demonstrated net 
benefits for resource scarcity. Conversely, for MBR and CW con-
figurations, increased operational intensity due to higher loads 
(particularly greater energy and chemical demand) led to 
increased resource depletion, thus potentially offsetting the 
environmental benefits of eliminating communal septic tank CH 4 
emissions. This highlights a critical finding: the inherent energy 
and chemical efficiency of the selected WWTP technology is 
decisive in determining whether communal septic tank removal 
achieves overall environmental benefits or merely shifts burdens 
toward resource depletion.
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4.3. Future-proofing the resource recovery performance of SDSs 
under evolving energy

To evaluate the long-term performance of these wastewater 
management schemes under future energy projections, a sensi-
tivity analysis with a focus on representative systems was con-
ducted, including a conventional centralized system (CS-
CHP + WR) and various scales (SDS5, SDS10, SDS20) of MBBR-
based SDSs with single or combined resource recovery. The anal-
ysis considered China's power grid decarbonization trajectory, 
with non-fossil energy shares projected to reach 44% by 2030 and 
77% by 2050 [44] (Supplementary Table S34).

Under the current energy mix, MBBR-based SDSs generally 
exhibited lower GWP across all scales than in the CS-CHP + WR 
scenario (Fig. 10a), with SDS10-MBBR-HP + WR and SDS20-MBBR-
HP + WR showing the lowest values. However, as the power grid 
decarbonizes toward 2030 and 2050, absolute GWP for combined 
recovery (HP + WR) MBBR configurations is projected to increase 
by approximately 36.9–70.7% relative to 2020 levels. This coun-
terintuitive trend arises because grid decarbonization significantly 
diminishes the avoided emission benefits from HP and WR, as the 
substituted electricity becomes less carbon-intensive [68]. Despite 
this increase in absolute GWP, SDS10-MBBR-HP + WR often 
retained a relatively optimal GWP position. This sustained per-
formance in future scenarios is attributed to shorter sewer

networks that reduce fugitive CH 4 emissions as well as the 
increasing relative importance of inherent direct biological (N 2 O) 
and upstream (communal septic tank CH 4 ) emissions as electricity 
emissions decrease.

For endpoint damage indicators, SDS20-MBBR-HP + WR 
consistently had the best performance across all timeframes 
(2020, 2030, and 2050; Fig. 10b–d), thereby demonstrating robust 
mitigation potential for human health and ecosystem impacts. The 
evolving energy mix also influenced these endpoint indicators; for 
example, increased reliance on nuclear and hydropower by 2030 
could temporarily increase water consumption, thus impacting 
human health and ecosystem metrics. Conversely, widespread 
adoption of solar and wind by 2050 is projected to reduce resource 
scarcity. Nevertheless, the substantial water demands of nuclear 
and hydropower remain a key consideration in water-stressed 
regions. These findings emphasize that no single optimal config-
uration is universally static; rather, system performance is dy-
namic and significantly influenced by external factors, such as the 
evolving energy mix and regional water availability.

4.4. Strategic considerations and implementation pathways for 
SDSs

LCA and LCCA results for a high-density city in Northern China 
with stringent Class A standards reveal that SDS integration is a 
viable pathway for urban wastewater management, but findings 
remain case-specific and require contextual adaptation. 

Strategically, deploying SDSs as urban regional nodes provides 
significant advantages, inherently reducing capital outlays for new 

long-distance trunk sewers and substantially reducing conveyance 
energy [12]. For example, our SDS5 configuration demonstrated an 
approximate 23% reduction in conveyance energy. SDS imple-
mentation adapts to diverse urban contexts: in established areas 
where centralized reconstruction is infeasible, SDSs are incre-
mentally integrated by directly intercepting and rerouting 
wastewater from existing sewer networks within designated 
catchment areas for localized treatment, in a sequence determined 
by renewal priorities. For new developments, SDSs serve as pri-
mary infrastructure, thus eliminating long-distance sewers and 
accommodating future capacity by deploying additional, self-
contained facilities rather than expanding existing plants. This 
differentiated approach maintains efficiency, compliance, and 
optimal adaptation to the urban stage.

Second, effective deployment of resource recovery requires an 
enabling policy framework. Combined strategies (e.g., SDS20-
MBBR-WR + HP) have demonstrated significant economic and 
environmental benefits, but effective deployment requires 
enabling policy frameworks. Distributed energy trading, policy 
incentives, and community pilots can accelerate adoption and 
improve public acceptance. Recent initiatives—such as Beijing's 
Renewable Energy Substitution Action Plan (2023–2025), which 
mandates reclaimed water and wastewater-source HPs within
5 km of reclamation plants, and similar programs in Shanghai, 
Guangdong, and Shaanxi—illustrate how WR and HP can be 
embedded into urban energy and water planning. Compared with 
ground-source HPs constrained by declining groundwater levels in 
Beijing [69] and air-source HPs limited by severe cold in Northeast 
China [70], wastewater-source HPs leverage stable urban sewage 
networks to provide reliable thermal energy recovery.

Third, implementing SDS in dense urban areas faces inter-
twined challenges. Limited land availability makes siting difficult, 
while the gradual phase-out of communal septic tanks requires 
downstream sewers and centralized plants to be upgraded to 
absorb shifting loads. At the institutional level, wastewater re-
sponsibilities are divided among water utilities, environmental

Fig. 9. Greenhouse gas (GHG) emissions before and after removal of communal 
septic tanks. a, Life-cycle GHG emissions for the centralized system (CS) and the 
scaled decentralized system (SDS) configurations, shown without resource recovery 
or with optimal recovery. SDS configurations use membrane bioreactor (MBR), con-
structed wetland (CW), and moving bed biofilm reactor (MBBR) technologies. Results 
are shown for three SDS scales: SDS5 (each plant with a capacity of 5000 m 3 d − 1 , 20 
facilities), SDS10 (each plant with a capacity of 10,000 m 3 d − 1 , 10 facilities), and SDS20 
(each plant with a capacity of 20,000 m 3 d − 1 , 5 facilities). Scenarios include business-
as-usual (BAU) for both systems, combined heat and power with water reuse 
(CHP + WR) for the CS, and water reuse (WR) and heat pump (HP) recovery for the 
SDSs. b, Operational GHG emissions at wastewater treatment plants by scale and 
technology, including direct emissions (methane, CH 4 ; nitrous oxide, N 2 O; fossil 
carbon dioxide, fossil CO 2 ) and indirect emissions associated with electricity and 
chemical inputs.
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regulators, and urban planning agencies, resulting in fragmented 
governance that hampers coordinated action. Addressing these 
challenges requires integrated planning and gradual infrastructure 
adjustments, supported by mature, low-complexity technologies 
such as MBBR, thereby enabling SDSs to be deployed as a practical 
extension of urban wastewater systems without disrupting overall 
performance.

4.5. Research limitations and future directions

The current study has several limitations. First, although the 
empirical first-order kinetic model for pollutant transformation in 
sewer networks was validated by field data and mechanistic model 
simulations, it provides only a simplified description of concen-
tration changes and is mainly suitable for LCA inputs, without 
capturing the mechanistic complexity of in-sewer processes. 
Second, steady-state SUMO simulations of WWTPs cannot reflect 
dynamic performance under extreme weather or urban expansion. 
Third, SDSs in this study are based on conceptual SUMO designs 
that represent idealized configurations for comparison rather than 
site-specific implementation.

Future research should incorporate dynamic, long-term simu-
lations that consider population growth, urban redevelopment, 
and climate change to capture evolving influent characteristics 
and assess the adaptability of SDS configurations and treatment 
technologies. Advanced sewer water quality transformation 
models could be applied to better characterize in-sewer processes 
and their impacts on system performance. In addition, innovative 
treatment processes and diversified resource recovery pathways 
could be evaluated to provide further insights into the long-term 

sustainability and adaptability of SDSs.

5. Conclusion

This study provided the integrated LCA and LCCA analysis of 
SDSs in high-density Chinese cities, where communal septic tanks 
remained embedded as preliminary treatment within sewer net-
works and downstream centralized plants complied with strin-
gent Class A discharge standards. Our comprehensive evaluation of 
29 scenarios, comprising centralized systems and 27 SDS config-
urations, clearly demonstrated that SDSs provided substantial 
sustainability advantages through optimized scale, technology 
selection, and resource recovery.

Further, SDS performance exhibited economies of scale, with 
20,000 m 3 d − 1 configurations generally outperforming smaller

scales. Crucially, shorter conveyance distances reduced transport 
energy but altered influent quality (e.g., increasing COD/TN ratios 
yet limiting phosphorus removal), thereby necessitating adaptive 
strategies—such as increased chemical dosing—for compliance. 
Among the technologies, MBBR achieved the best overall balance, 
thanks to its low energy demand, despite requiring additional 
chemicals for phosphorus removal. MBRs provided reliable 
effluent quality and a small spatial footprint but incurred higher 
energy costs. Further, despite their ecological benefits, CWs faced 
significant land constraints, high construction footprints, and 
substantial lifecycle costs in dense areas. Resource recovery ben-
efits varied with SDS scale, with SDS20-MBBR-WR achieving 
optimal performance (0.40 CNY m − 3 ). Combined WR + HP inte-
gration further enhanced sustainability beyond centralized 
systems.

Successful SDS implementation hinged on understanding 
whole-system trade-offs. Communal septic tanks, identified as 
major GHG hotspots (contributing 24.4–46.8% of total GWP), pre-
sented a dilemma: their removal reduced GHG emissions but 
simultaneously increased downstream pollutant loads, thus 
requiring robust treatment to prevent burden shifting. Thus, 
technology selection needed to balance performance with con-
struction and operational burdens. Under future energy transition 
scenarios, 10,000 m 3 d − 1 MBBR-HP + WR systems achieved 
optimal climate performance, while 20,000 m 3 d − 1 configurations 
delivered superior human health and ecosystem benefits, thus 
indicating that optimal configurations vary by impact category. 
Deployment strategies must be context-specific: in established 
areas, SDSs should be incrementally integrated into existing net-
works for localized treatment; in new developments, they can 
serve as primary infrastructure, thereby eliminating long-distance 
trunk sewers and achieving localized treatment from the outset. 
Effective resource recovery through WR and HP technologies 
required supportive policy frameworks and targeted incentives. 
Therefore, strategic siting combined with policy alignment was 
critical for establishing SDSs as foundational infrastructure in 
sustainable urban systems.
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